Abstract: Demographic information is frequently used to project the long-term extinction risk of endangered species, but the limitations of this approach have not been extensively discussed. We examined demographic data for the endangered perennial herb
Introduction
One of the most difficult tasks for conservation biologists is to gather and evaluate biological information relevant to the survival and recovery of species. To achieve this objective, it is important to identify habitat requirements, ecological interactions, and population dynamics of threatened species ( Brussard 1991; Burgman & Lamont 1992; Horvitz & Schemske 1995) . Habitat destruction and fragmentation are the primary causes of decline for many plant species. Such changes may result in continuously or more abruptly deteriorating environmental conditions that affect plant vital rates. One common approach in conservation biology is to link spatiotemporal variation in vital rates to changes in abundance and distribution (e.g., Schemske et al. 1994; Silvertown et al. 1996; de Kroon et al. 2000) . There is still relatively little information about how demographic parameters vary among different habitats, and most demographic studies have considered only one or a few populations without explicitly considering habitat quality (Menges 2000 ; but see, for example, Bullock et al. 1994; Oostermeijer et al. 1996) . Descriptive demographic information from a range of habitats is therefore badly needed if we want to link habitat quality to population viability. To further explore the mechanisms responsible for correlations between habitat quality and demography, experimental manipulations of habitat are necessary.
Long-term population growth rate can be projected from demographic data recorded during short-term studies (e.g., by using matrix simulation models ; Caswell 2001) . Examining the variation in demographic parameters also makes it possible to estimate the extinction risk of populations. Unfortunately, demographic data generally describe population dynamics during only a limited period of time. Long-term projections from such data are relevant to the actual development of a population only if the conditions during the sampling years represent the longer period of time over which population fate is modeled ( Menges 1990; Caswell 2001) . In contrast to projections, comparisons of present distributions with historical records show the actual changes in population status.
We selected Primula farinosa as a study species because it occurs in habitats associated with management practices that have become more rare during the last century (e.g., hay meadows, seminatural grasslands, and shore meadows) ( Bernes 1994; Ekstam & Forshed 1996) . We examined how the population dynamics of P. farinosa varied among six different habitats representing different management regimes and performed experimental manipulations of habitat quality. We then compared the results of demographic models to the actual change in occurrence of P. farinosa over a 70-year period in different habitat types. Specifically, we asked (1) how differences in management regime influence population growth rate and extinction risk according to demographic models and (2) whether these estimates of population viability from short-term studies agree with results from experimental manipulations and with the actual extinction rate observed over a 70-year period.
Methods

Study Species
Primula farinosa is a perennial rosette herb native to Sweden. The species was common in the beginning of the century, but has declined since then due to changes in management practices. Today P. farinosa occurs sparsely in fens, shores, meadows, and moist grasslands. Primula farinosa has a short-term persistent seed bank (Thompson et al. 1997 ; R.L., personal observation), and recruitment from seeds is common. Ramification by daughter rosettes occurs but is rare in the study populations ( R.L., personal observation). One individual can produce 1-20 self-incompatible and heterostylic flowers (Baker et al. 1994) . The flowering stem is farinose (covered with flour), and the leaves are light green and white underneath. Primula farinosa flowers during May and June and is pollinated by insects. Mature fruits contain an average of 43.1 seeds (SD ϭ 19.4, n ϭ 215), and the seed weight is 0.047 mg (SD ϭ 0.012, n ϭ 215) ( J.E., S. Käck & J. Ågren, unpublished data).
Study Sites and Data Collection
Our demographic study was performed in six different populations (A-F) located in southeastern Sweden during 1996-1999 (except for population F, which was studied during [1997] [1998] [1999] . The populations were chosen to represent different habitats and management regimes ( Table 1) . A total of 1874 rosettes were mapped individually in 40 permanent plots (0.5 ϫ 0.5 m) ( Table  1 ). The size (diameter) of each individual rosette was measured in July of each year. New individuals (seedlings) recruited to the populations were included in the study as they were encountered.
Clipping Experiment
To simulate grazing, we performed a clipping experiment in population C, a seminatural grassland without grazing. Twelve randomly assigned plots (0.5 ϫ 0.5 m) were used for the experiment. In six plots, the vegetation was clipped to a height of approximately 1 cm, and the other six plots were left intact. The plots were clipped during July 1997 and July 1998, in the middle of the grazing season, and all individuals were recorded during July 1997 July , 1998 July , and 1999 as in the demographic study. Individuals of P. farinosa were left intact in the manipulated plots. Livestock do not remove vegetative parts of P. farinosa but may occasionally damage inflorescences (R.L., personal observation). Hence, the seed production may be slightly higher in our clipping treatment than under grazing.
Observed Extinction Rates
We used old inventories from the provinces of Öland and Uppland in southeastern Sweden ( R. Sterner, unpublished [approximately 1920] ); Almquist 1929) to identify populations that existed at the beginning of the twentieth century. The inventoried sites were relocated by studying hand-drawn maps showing site locations or detailed site descriptions made by the field inspectors. Present status of the populations (extinct or extant) was assessed either by field inventories, carried out as a part of this study in July 1998 on the alvar grassland on Öland, or by using other inventories made during 1990-1999 (The Flora of Uppland , unpublished). The present management regime at each site was categorized into five classes: (1) high, continuous grazing pressure without fertilization; (2) low grazing pressure, meaning a decreased grazing pressure since the beginning of the century; (3) no grazing; (4) high, continuous grazing with fertilization; or (5) total change in management regime (e.g., settlements or parking lots). Grazing history was assessed indirectly by the abundance and age distribution of woody plants that do not recruit successfully under high grazing pressure. Fertilization (category 4) implies that artificial fertilizers had been applied at the site regularly during the last 30 years. Fertilization increases biomass and average vegetation height, which affects P. farinosa negatively because it increases competition for light.
Traditional management in these areas up to the beginning of this century was continuous and high grazing with no application of fertilizers. Sixty-one sites in Öland and 90 sites in Uppland were reinventoried. These sites were distributed over the five management categories: category 1, 47 sites; 2, 20 sites; 3, 20 sites; 4, 27 sites; and 5, 37 sites. Three of the populations included in the demographic study, population A (continuous grazing), population C (no grazing), and population F (low grazing pressure) roughly corresponded to one of these classes of management regime (Table 1) .
Analysis
The life cycle of P. farinosa consists of four well-defined stages: seed, seedling, vegetative, and flowering ( Fig. 1) . For transition-matrix models, individuals in the vegetative stage were divided into categories of "large" and "small." We used as the class limit the minimum rosette diameter at which individuals had the potential to flower. This size threshold was derived separately for each population. The life cycle-stage "seed" that was removed from models after preliminary analysis indicated that the presence of a seed bank had only a small effect on population growth rate. The stage-structured demographic data from the demographic study and the clipping experiment were analyzed by transition-matrix models of the form n ( t ϩ 1) ϭ A * n ( t ) (Caswell 2001) . The matrix A describes how individuals of each stage class in the vector n ( t ) contribute to the stage classes in n ( t ϩ 1). A yields information on stable stage distribution and population growth rate, . The full matrices are available from the authors upon request. To calculate the mean and standard error of estimated values, we used an analytical method based on a Taylor-series ex- 1996-1999 1996-1999 1996-1999 1996-1999 1996-1999 1997-1999 pansion (Alvarez-Buylla & Slatkin 1994) . We used the observed variances for fecundities and sampling variances according to the binomial distribution for transition probabilities. Sampling covariances between pairs of transitions from the same stage to any other category were estimated according to the multinomial distribution. We calculated confidence limits by assuming a normal distribution of values. In the experiment, the total effect of clipping treatment on was decomposed into contributions of each matrix entry by life table response experiment ( LTRE ) analysis with a one-way fixed design ( Horvitz et al. 1997; Caswell 2001) . The contributions of the transition a kl to the effect of clipping treatment e on population growth sums to the total treatment effect on population growth rate according to , where c denotes the control treatment and sensitivity ( ␦ / ␦ a kl ) is evaluated at a matrix midway between the two matrices being compared (Caswell 2001) . To decompose the variance in among populations and years into contributions from variances in and covariances among matrix entries, we used variance decomposition for random designs (Caswell 2001) . Variance in , V ( ), can then be written as , where C ( ij,kl ) is the covariance of a ij and a kl , and the sensitivities s ij are evaluated at the mean matrix. Each term in this summation is the contribution of one vital rate covariance to V ( ). To relate covariance contributions directly to matrix entries, we summed all covariance contributions associated with each respective entry ( a ij ) (for calculation details see Horvitz et al. 1997) .
Seventeen matrices were used for these calculations ( populations A-F).
We performed stochastic simulations to estimate the extinction risk under present management regimes for all populations. The three transition matrices for five populations, two for the alvar population (F) and the experimental treatments, were sampled with equal probability. Sampling with equal probabilities was preferred, because examination of meteorological data for the last century gave no clear indication that the recording years represented conditions occurring with different frequencies. Time to extinction was estimated for the initial population size of 100 individuals distributed among size classes within populations as the mean stable stage distribution of all matrices in each population. The criteria for population extinction was defined as Ͻ 1 individual. The extinction rate was calculated from 2000 simulations of 100 years each. All matrix-model simulations were performed with the software PopMat ( K. Lehtilä, unpublished data).
In the clipping experiment, the differences in mean individual rosette size between the manipulated and intact plots were examined by repeated-measures analysis of covariance (ANCOVA). The number of seedlings in the manipulated plots and the intact plots were examined by Mann-Whitney U test.
Results
Population Dynamics
The average population growth rate of the 17 transition matrices was 1.001, suggesting that there was no overall trend during the study period. Population growth rate varied among populations and among years within the same population (range ϭ 0.84-1.14, SD ϭ 0.09; Fig. 2) . The variation in among populations within years was only slightly higher than the variation among years within populations (SD ϭ 0.081 vs. 0.053). Populations B (fen) and C (seminatural grassland with no grazing) had a positive mean population growth, and populations A (continuous grazing), D (hay-meadow), E (rock pool), and F (low grazing) had a mean below 1. Populations D (hay meadow) and F (low grazing) were the only ones to show a value below 1 for all study years (Fig. 2) . In the seminatural grassland population with no grazing (C ), decreased over the study period. The transition that contributed most to variation in population growth rate was from reproductive to seedling: 0.014. The transitions from seedling to small vegetative and from large vegetative to reproductive, and remaining a small vegetative or remaining a large vegetative plant contributed about 0.002 to , whereas all other transitions contributed Ͻ0.001.
Clipping Experiment
In the clipping experiment, rosette size was not affected by treatment (F 1.9 ϭ 0.0, p ϭ 0.99) or year (F 1.9 ϭ 1.7, p ϭ 0.22) but by initial size (F 1.9 ϭ 5.9, p ϭ 0.04) and the interaction between treatment and year (F 1.9 ϭ 13.5, p ϭ 0.005, ANCOVA). The interaction effect showed a significant difference in rosette size between years in the manipulated plots (MS ϭ 102.0, df ϭ 12, p ϭ 0.004, Tukey Honestly Significant Difference [HSD] ). There was also a significant difference in the number of seedlings between manipulated and control plots in 1998 (n ϭ 6, U ϭ 33.5, p ϭ 0.004, in total 37 vs. 3 seedlings) and in 1999 (n ϭ 6, U ϭ 30, p ϭ 0.020, in total 220 vs. 18) ( Mann-Whitney U tests). Increased growth and recruitment resulted in higher population growth rate in experimentally clipped plots than in control plots (1.04 vs. 0.99) (Fig. 2) . The LTRE analysis showed that reproductive individuals contributed most to this difference in (0.043). The major part (0.036) of the contribution by reproductives was through seedling production. Large vegetative individuals (0.027) also contributed to the increase in after clipping, whereas small vegetative individuals contributed little (0.005) and seedlings did better in control plots (Ϫ0.021).
Extinction Estimates
The simulated extinction risk over a 100-year period varied among the six study populations (Fig. 3) . Two of the populations, B and C, increased in size and experienced no detectable risk of extinction. Population D declined most rapidly, but populations A, E, and F also experienced an extinction risk of 100% over 100 years. Mean time to extinction for an initial population size of 100 individuals was 43 years for population D, 60 years for population A, 68 years for population E, and 94 years for population F. In the clipping experiment, the manipulated plots showed no risk of becoming extinct, whereas the control plots had a mean time to extinction of 173 years (Fig. 3) .
Observed Extinction Rates
From approximately 1920 to 1998, P. farinosa disappeared from 38 of the 61 inventoried sites on Öland and from 34 of 90 sites in Uppland. There was a significant difference in the distribution of extinct and extant populations between different management (A, shore meadow; B, fen; C, seminatural grassland; D, hay meadow; E, rock pool; and F, alvar) and two experimental treatments in one population ("clipped" and "control") 
. Values are for three annual transitions (populations A-E) or two annual transitions (population F and experimental treatments). Error bars denote 95% confidence intervals.
regimes ( 2 ϭ 69.50, df ϭ 5, p Ͻ 0.001) ( Fig. 4) . The management regimes most associated with the disappearance of P. farinosa populations, on both Öland and in Uppland, were a "complete change in management regime" or "continuous grazing with fertilization," whereas all populations remained at sites that were continuously grazed by cattle and not fertilized.
Discussion
We examined the relationship between management regime and population viability in the perennial herb P. farinosa in three ways: long-term projections based on short-term descriptive demographic data, population manipulations, and records of actual population extinctions over a 70-year period. These methods do not suggest the same relationship between habitat quality and persistence.
Observed changes in occurrence over the last 70 years show that decreased grazing intensity has a clear negative effect on population persistence. A corresponding pattern in terms of effects on population growth rate or extinction probability could not be detected from detailed demographic recordings. The latter rather suggests that populations in habitats considered optimal for this species did worse than those in the presumed suboptimal habitats. The populations in the fen and in seminatural grassland with no grazing had a continuously increasing population size and experienced no risk of extinction. The populations with continuous grazing, lowered grazing pressure, and the hay meadow all had population growth rates below unity and were estimated to go extinct within 40-100 years.
Experimental manipulations, in terms of cutting the surrounding vegetation, had a positive effect on seedling recruitment and population growth. Hence, the results from the experiment are in better agreement with observed patterns of extinction than with descriptive demographic data. Our short-term descriptive study design does not include replication of management regimes or habitats. Therefore, it is not possible to draw strong conclusions about management because this factor is confounded with the effects of habitat. Nevertheless, it seems safe to conclude that short-term descriptive studies will not always be able to demonstrate the positive effects of management on population growth evident from inventories and experiments.
Demographic parameters varied little among populations, even though populations were located in habitats with very different management regimes and histories. Decomposition of both variation in among populations and differences in between experimental treatments showed that the transition from reproductive seeds to seedlings contributed most to differences in . This implies that observed differences in population growth rate among populations, in naturally different and experimentally modified habitats are largely the result of differences in recruitment rates, whereas the performance of established individuals is more constant. If established individuals are relatively insensitive to habitat quality, as indicated by our results, this will contribute to a slower response of P. farinosa populations to management change.
The reinventory suggested that nearly half the reinventoried populations of P. farinosa went extinct during the last century. All populations that had been fertilized or experienced a complete change in management were extinct, whereas all populations with continuously high grazing pressure survived. This pattern of population persistence associated with management regime was expected, because P. farinosa is favored by traditional management (Ekstam et al. 1988) . It has been shown for several plant species tolerant to grazing that populations increase during the first 10-20 years after cessation of grazing but decrease later during succession (Ekstam et al. 1988) . The discrepancy between short-term descriptive data and the long-term results indicated by our study may thus reflect the fact that populations in unmanaged habitats initially experienced a period of positive population growth after ceased grazing, whereas subsequent populations were impoverished by a gradual increase in interspecific competition.
Demographic modeling of population dynamics is a common tool with which to examine population responses to habitat changes and to evaluate management actions, but the limitations of this approach have not been extensively discussed (but see Beissinger & Westphal 1998; Ludwig 1999; Bierzychudek 1999; Menges 2000) . In a recent review, Menges (2000) argues that most of the plant demographic studies are too short, the number of populations monitored is too small, and the difficult parts of the plant life cycle are not thoroughly taken into account. The reason why short-term studies may fail to provide useful information is thus that the relevant temporal variation in demographic transition rates is not encapsulated. It has been suggested that focusing on relative rather than absolute estimates in population viability analysis and sampling more populations over more years are possible ways to deal with these problems (Beissinger & Westphal 1998; Menges 2000) .
Our results illustrate several of the problems with population viability analyses and also that these problems may not be easy to overcome. First, in our study, relative and absolute differences in population growth rates and extinction probabilities gave equally misleading guidance. Second, sampling more years seems the natural way to overcome problems with stochastic variation in demographic parameters. The possibilities to do this will depend critically on the skewness in the distributions of demographic parameters.
In our analyses of stochastic variation, we sampled matrices representing 3 years, although we are not sure whether these years encapsulate important temporal variation (e.g., in climatic conditions). As the conditions influencing extinction probabilities become increasingly rare, relevant sampling periods become increasingly long (Mangel & Tier 1994) . The results from our inventory suggest, however, that the persistence of P. farinosa populations is more dependent on deterministic processes associated with succession than on stochastic variation in demographic parameters, because the species has persisted for 70 years at all sites where management practices remain unchanged.
To the extent that temporal variation is also expressed as spatial variation, longer time series could be substituted by sampling multiple populations. For deterministic variation, such as successional changes, the possibility of replacing temporal sequences at one site with multiple recordings at sites in different successional stages seems straightforward, and several studies have modeled successional changes in demography in this way (e.g., Ostermeijer 1996; Valverde & Silvertown 1997) . The results of our study, in which the demographic information from sites of different successional states did not agree with the long-term observed trend, suggest that this may not always be accomplished easily. One may argue that this is due to the fact that too few populations or populations in irrelevant successional stages were sampled. Still, it is obvious that if extinctions are preceded by only a short period of rapid decline, rather than a longer period of slow decline, then the process will be much more difficult to study through short-term demographic studies.
Another way to determine how variation in demographic parameters changes with the environment is to expose a population to manipulative treatments and follow the population-level response. Such approaches, however, are likely to be successful only if we have a good knowledge of how environmental factors influence different demographic transition rates. We tried to partly reset the successional state to the original managed condition by carrying out experimental cutting of the surrounding vegetation. Obviously, many other important differences between grazed and ungrazed habitats, such as mineralization rates and trampling, were not mimicked by this approach. Hence, it is not obvious how our results-increased growth and recruitment but no clear effects on extinction probabilities-should be interpreted in terms of successional changes in habitat quality.
Demographic information collected during conditions that do not encapsulate all the processes relevant over a longer time scale result in misleading projections. It is therefore essential that descriptive demographic studies in general, and studies of habitats that have recently experienced changes in management practice in particular, are evaluated with great care. Longer studies, more populations, and experimental manipulations of habitat quality will constitute important ways in which to overcome many of the weaknesses of short-term descriptive studies. We suggest, however, that available data on current demographic processes, combined with long-term historical information, is a much more powerful tool with which to assess the survival potential of species than a purely demographic approach.
